
The influence of water quality variables on cyanobacterial
blooms and phytoplankton community composition
in a shallow temperate lake

Tammy A. Lee & Gretchen Rollwagen-Bollens &

Stephen M. Bollens

Received: 13 October 2014 /Accepted: 21 April 2015 /Published online: 4 May 2015
# Springer International Publishing Switzerland 2015

Abstract Cyanobacterial blooms and their detrimental
effects on water quality have become a worldwide prob-
lem. Vancouver Lake, a tidally influenced shallow tem-
perate freshwater lake in Washington state, U.S.A., ex-
hibits annual summer cyanobacterial blooms that are of
concern to local resource managers. Our objectives were
to describe changes in phytoplankton community compo-
sition in Vancouver Lake over seasonal, annual, and in-
terannual time scales, and to identify strong water quality
predictors of phytoplankton community structure, with an
emphasis on cyanobacterial blooms, from 2007 through
2010. Cluster analysis, indicator species analysis, and
non-metric multidimensional scalingwere used to identify
significantly different phytoplankton community group-
ings and to determine which environmental factors influ-
enced community changes. From 2007 through 2009,
depletion of NO3–N followed by elevated PO4–P concen-
tration was associated with increased biomass and dura-
tion of each cyanobacterial bloom. Time-lag analysis

suggested that NO3–N availability contributed to interan-
nual changes within the summer phytoplankton commu-
nity. Specifically, in summer 2010, a distinct
cyanobacteria community was not present, potentially
due to increased NO3–N and decreased PO4–P and
NH4–N availability. Our study provides a comprehensive
assessment of species-level responses to water quality
variables in a shallow non-stratifying temperate lake, con-
tributes to a better understanding of phytoplankton dy-
namics, and may aid in predicting and managing
cyanobacterial blooms.
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Introduction

Cyanobacterial blooms are commonly associated with
eutrophic freshwater and estuarine systems worldwide.
Excessive abundance of cyanobacteria may have detri-
mental effects on water quality, including the develop-
ment of surface scums and depleted oxygen levels
(Carmichael 1992; Sellner et al. 2003). In addition,
many cyanobacteria species can produce potent toxins
that negatively affect aquatic life and in particular cause
harm or even death to humans and other mammals
(Chorus et al. 2000; Hudnell 2010; Koreivienė et al.
2014). Harmful cyanobacterial blooms may also nega-
tively affect freshwater ecosystem services by decreas-
ing recreational opportunities, causing fish kills which
may affect local fisheries, increasing water treatment
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costs, and decreasing aquatic biodiversity (Hoagland
et al. 2002; Jacoby and Kann 2007; Paerl 2008).

A suite of factors is thought to influence the forma-
tion, persistence, and decay of cyanobacterial blooms in
freshwater systems. Excess nutrient concentrations,
mainly phosphorous and/or nitrogen, are commonly
associated with harmful algal blooms (Anderson et al.
2002; Heisler et al. 2008). Hydrodynamic factors, such
as turbulence, wind-driven waves, and residence time,
as well as light availability and temperature, have also
been shown to contribute to harmful algal blooms
(Cloern 1991; Koseff et al. 1993; Thompson et al.
2008). These abiotic factors may also be coupled with
biotic factors, such as competition for resources and
trophic interactions, to influence changes in bloom dy-
namics (Cloern 1991; Boyer et al. 2011; Rollwagen-
Bollens et al. 2013).

Despite the clear public health concerns, effective pub-
lic monitoring programs for lakes are rare and often limited
in their temporal resolution and the breadth of information
they can provide about cyanobacterial bloom dynamics.
For instance, monitoring is typically scheduled to coincide
with the peak summer growing season such that early
spring or late fall blooms may not be captured. In other
cases, monitoring may only begin once a bloom has
already been established, thus missing key information
about the environmental dynamics leading to bloom for-
mation. This may be due to lack of financial resources or
technical expertise; however, without information about
changes to the phytoplankton community before, during,
and after a bloom, it is difficult to understand or predict
which environmental factors may influence cyanobacteria
bloom dynamics. Indeed, examining phytoplankton com-
munity dynamics regularly over several years has been
shown to provide a better understanding of changes in
relation to water quality and the environment (Schindler
1987). Moreover, by focusing only on relatively brief algal
bloom periods, longer-term effects of seasonal blooms
may be severely underestimated (Cottingham and
Carpenter 1998; Rothenberger et al. 2009).

There are a number of well-known comprehensive
studies examining seasonal succession of phytoplankton
communities in inland waters: Windermere Lake in
England (Neale et al. 1991; Thackeray et al. 2008;
Elliott 2012), Lake Biwa in Japan (Hsieh et al. 2010;
Tsugeki et al. 2010), Lake Baikal in Siberia (Hampton
et al. 2008), several Great Lakes in the U.S.A. and
Canada (Makarewicz et al. 1999), and more recently
Lake Tai in China (Guo 2007). In the U.S. Pacific

Northwest region, Lake Washington may be the most
well-known and intensively studied lake (Edmondson
1994; Arhonditsis et al. 2003). Each of these lake sys-
tems has been affected by increased eutrophication due
to changing anthropogenic influences and has a phyto-
plankton community that shifts from dominance by
diatoms in spring to dominance by cyanobacteria during
stratification events.

Stratification has been identified to be one of the
more important drivers of phytoplankton seasonal suc-
cession (Sommer et al. 1986; De Senerpont Domis et al.
2013), especially with the onset and duration of
cyanobacterial blooms (Paerl and Huisman 2009; De
Senerpont Domis et al. 2013). Diazotrophic
cyanobacteria species are thought to thrive under strat-
ified conditions because the formation of a stable epi-
limnion isolates the phytoplankton from a nitrogen
source (Reynolds et al. 2000; Kokocinski and
Soininen 2008). In contrast, few observational studies
have investigated how the phytoplankton community
changes f rom a mixed phytoplankton to a
cyanobacteria-dominated system in large, shallow,
non-stratified lakes.

Vancouver Lake in Washington state, U.S.A., is a
very shallow, tidally influenced, well-mixed, and non-
stratifying system; thus, it represents a relatively under-
studied freshwater system in which to investigate
cyanobacterial bloom dynamics. Since 2006,
Vancouver Lake has been the focus of a monitoring
and experimental program to quantify the range of biotic
and abiotic factors that influence the timing, magnitude,
diversity, and toxicity of cyanobacterial blooms. With
regard to biotic interactions, microzooplankton and
mesozooplankton have been found to exert top-down
effects on cyanobacteria populations in Vancouver
Lake, particularly before and after the summer peak in
cyanobacteria abundance (Boyer et al. 2011; Rollwagen-
Bollens et al. 2013). In addition, the seasonal and inter-
annual variability in the cyanotoxin microcystin has been
quantified in the lake, and using qPCR techniques, the
cyanobacteria taxon responsible for producing the toxin
was identified as Microcystis sp., despite this species
often being undetectable in microscopic examination of
plankton samples (Lee et al. 2015).

Despite what has been shown about the role of graz-
ing on cyanobacterial bloom dynamics, the dominant
abiotic controls on the cyanobacteria populations in
Vancouver Lake have yet to be addressed. Therefore,
the objectives of this study were to (1) describe the
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variability in phytoplankton community composition
over seasonal, annual, and interannual time scales,
based on samples collected from 2007 to 2010; and (2)
determine which water quality factors most strongly
influenced changes in phytoplankton community struc-
ture, specifically in relation to cyanobacterial blooms.

Materials and method

Study site

Vancouver Lake is located adjacent to the Columbia
River in Clark County, Washington, U.S.A., within the
greater Portland, OR–Vancouver, WAmetropolitan area
(Fig. 1). It is a natural floodplain lake that is 930 ha in
area, tidally influenced, non-stratified, and seasonally
eutrophic. The lake is shallow (mean depth ~1 m) and
highly turbid. A flushing channel, located near the
southwest corner, was constructed in 1983 for the pur-
pose of restoring some measure of natural flushing from
the Columbia River that had been blocked by land
reclamation in the early twentieth century.

Depending on the time of year and tidal flow, the
Vancouver Lake watershed may be up to 260 km2 in
area, draining into the lake through Burnt Bridge Creek,
Salmon Creek, and Lake River. Tidal inflow from the
Columbia River is through the flushing channel and
Lake River, whereas tidal outflow is only through
Lake River (Foreman et al. 2014). The immediate sur-
rounding land use around Vancouver Lake is predomi-
nantly undeveloped or preserved wildlife habitat along
the northern, western, and southern perimeter. Several
small housing developments exist along the eastern
shoreline south of Burnt Bridge Creek.

Annual summertime cyanobacterial blooms have
been documented in the lake since 1971, although an-
ecdotal evidence suggests blooms occurred earlier
(Bhagat and Orsborn 1971). The blooms in Vancouver
Lake have historically been dominated by the filamen-
tous cyanobacteria species Aphanizomenon sp. and
Anabaena sp.; however, there have been some years
when Microcystis sp. was the dominant taxon (Bhagat
and Orsborn 1971; Jacoby and Kann 2007).

Sampling methods

All sampling was conducted from a dock on the south-
east shore of the lake (Fig. 1). Quarterly sampling at

eight broadly distributed sites (littoral, limnetic, and
dock) was conducted in 2007. Kendall’s tau (τb) was
used to examine concordance among sites and showed
no significant spatial differences in plankton community
composition (n=10 per site, p>0.05) (Bollens and
Rollwagen-Bollens 2009). Because of this, and ease of
access throughout the year, the dock was chosen as the
site for all subsequent sampling. Lake water samples
were collected on a monthly (November through
February), bi-weekly (March and October), or weekly
(April through September) basis from February 2007
through September 2010.

On each sampling date three independent bucket
samples were collected from the surface and subsam-
pled for microplankton abundance and water quality.
A two hundred fifty milliliter aliquot was subsampled
from each bucket and preserved in 5 % acid Lugol’s
solution for subsequent enumeration of phytoplankton.
An additional subsample of 50 mL from each bucket
was filtered through a 0.45-μm Millipore filter into a
plastic bottle and kept refrigerated or frozen for a few
weeks until analysis. Samples were sent to the Marine
Chemistry Lab at the University of Washington’s
School of Oceanography, and were analyzed for nitrite
(NO2–N), nitrate (NO3–N), ammonium (NH4–N), phos-
phate (PO4–P), and silicate (SiO4–Si) concentrations. In
addition, total water column depth and Secchi depth
were recorded, and vertical profiles of temperature and
dissolved oxygen (DO) were obtained using either a
YSI 91 or YSI 6920 data sonde.

Lugol’s preserved samples were concentrated in set-
tling chambers (≤10 mL) and examined using an
Olympus CK-40 inverted microscope. Individuals were
identified to genus, and species where possible,
according to Prescott et al. (1978) and Wehr and
Sheath (2002). Phytoplankton enumeration and biomass
calculations were determined as recommended by
APHA (2012). Briefly, counts were made at ×400 mag-
nification, and species were identified at ×600 magnifi-
cation when needed. Individual phytoplankton cells
were enumerated, sized and identified from 10 to 20
ocular fields, or to a minimum of 200 cells duringmonths
when overall abundances were low (Lund et al. 1958).
Average cell count per sample exceeded 1,500 individual
cells, of which at least a minimum of 200 non-
cyanobacteria cells were targeted during cyanobacterial
blooms. To keep units consistent for comparison among
all phytoplankton taxa, our counting unit was individual
cells. Phytoplankton biovolumes were calculated based
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on geometric shape (Hillebrand et al. 1999) and biomass
estimated using the empirically derived biovolume–bio-
mass relationships described in Menden-Deuer and
Lessard (2000). Biomass values are reported here and
were used for all subsequent statistical analyses.

Statistical analyses

Phytoplankton communities can be described by identi-
fying all taxa in the community, or by combining indi-
vidual taxa into higher taxonomic groups (e.g., diatoms,
chlorophytes, dinoflagellates). Alternatively, phyto-
plankton taxa can be classified into functional groups

based on shared morphological or functional character-
istics (Reynolds 2002; Kruk et al. 2010). The utility of
each of these grouping approaches depends on the ques-
tion being asked (Mieleitner et al. 2008). For instance,
pooling species into higher taxonomic groups may al-
low for ease of analysis of diversity, but because indi-
vidual taxa utilize resources differently and may have
different requirements, understanding how communities
change over time in response to varying environmental
conditions may be underestimated. Moreover, this ap-
proach does not allow for targeting specific taxa (e.g.,
toxin producing phytoplankton). With respect to func-
tional groupings, they may be useful for making

Fig. 1 Vancouver Lake is located
in Vancouver, Washington,
within the greater Portland,
OR–Vancouver,WAmetropolitan
area. Inflows to Vancouver Lake
are the flushing channel
(located southwest Bcorner^),
Burnt Bridge Creek (located
southeast Bcorner^), Lake River
(located at the northern end), and
Salmon Creek (flows into Lake
River). The star represents the
sampling station at Vancouver
Lake Sailing Club
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comparisons across multiple aquatic systems, and for
studies where little is known or reported about the
particular environmental conditions at a site; however,
this approach is limited in its utility for natural resource
managers who need to understand how local environ-
mental conditions influence plankton community dy-
namics in their system of interest (e.g., harmful
cyanobacterial blooms, etc.).

In order to avoid the potential problems described
above, and to provide an analysis that would be most
useful for the management of Vancouver Lake, we
chose to utilize the complete list of all phytoplankton
taxa identified, and to define groups using a cluster
analysis statistical approach (Clarke 1993). Cluster anal-
ysis uses the frequency and relative abundance of all
taxa observed throughout the sampling period, and com-
pares groupings at each sampling period to determine
community similarities over time. This allowed us to
objectively characterize the phytoplankton community
at each sampling time independent of environmental
conditions, and then to monitor annual and interannual
patterns of seasonal community succession in relation to
these conditions.

Our statistical analysis included four steps. First,
cluster analysis was used to identify phytoplankton
groups using relative Euclidean distance measure and
Ward’s method for group linkage with 75 % of infor-
mation retained. Relative Euclidian distance is the pre-
ferred choice for determining similarities among sample
dates and to eliminate potential bias that may arise from
using absolute biomass values (McCune and Grace
2002). We then used multiple-response permutation
procedure (MRPP) (Mielke et al. 1981; McCune and
Grace 2002), using ranked Sorenson’s distance, to test
whether the groups resulting from cluster analysis were
significantly different from one another. The MRPP test
also allowed us to determine whether there were signif-
icant interannual differences in the phytoplankton com-
munity composition over the full 4-year dataset.

Next, we used indicator species analysis to determine
which subsets of phytoplankton taxa were most strongly
associated with each group determined by cluster anal-
ysis (Dufrene and Legendre 1997). One thousand ran-
domizations were used in a Monte Carlo test. Indicator
species analysis identifies which taxa best represent a
cluster group based on the abundance and frequency of
occurrence of each taxon; thus, the resulting information
describes the community make-up of each cluster group
(McCune and Grace 2002). Taxa associated with a

particular cluster that occurred five times more frequent-
ly than in other clusters were deemed Bfaithful^ and
significantly representative of that particular cluster.

Finally, we used an ordination technique to detect the
relationship between phytoplankton assemblages and en-
vironmental data. Nonmetric multidimensional scaling
(NMDS) was chosen because it can be used with non-
normal and discontinuous distributions, and is currently
considered the most effective ordination technique in
community ecology (McCune and Grace 2002).

All cluster analyses, indicator species analyses,
MRPP tests, and ordinations were performed using
PC-ORD version 5.3 software. Any sample dates with
incomplete data (i.e. missing nutrient concentration data
or dissolved oxygen values unavailable due to equip-
ment malfunction) were excluded. Out of 90 identified
species, a total of 70 species were included in all anal-
yses (species occurring in <5 % of samples were ex-
cluded). In all cases data were log +1 transformed to
allow for the visualization of both the highly abundant
and rare species, and to dampen undue influence of
either group on the overall patterns of biomass
(McCune and Grace 2002).

Environmental variables included in the ordinations
were total water depth, Secchi depth, temperature, DO,
NO2–N, NO3–N, NH4–N, PO4–P, SiO4–Si, and
DIN:DIP. DIN was calculated as the molar sum of
NO2–N, NO3–N, and NH4–N; DIP included only
PO4–P. Due to the number of significant groups derived
from cluster analysis and MRPP, as well as the large
number of samples in the 4-year dataset, separate
NMDS analyses for each year were performed. These
separate NMDS ordinations allowed for better resolu-
tion and comparison of phytoplankton communities by
reducing Bnoise^ that might otherwise have masked
subtle differences in the larger dataset (Clarke 1993;
Rothenberger et al. 2009). Because data of a particular
type were not always available throughout our entire
sampling period (e.g., due to instrument failure), ordi-
nations using subsets of data that included ambient light
and light attenuation were also examined.

Shifts in phytoplankton community structure may be
a rapid response to existing environmental fluctuations,
but may also reflect a response to prior environmental
conditions. For example, phytoplankton responses to
chronic or pulsed nutrient delivery range from days to
weeks (Rantajarvi et al. 1998; Glibert et al. 2008;
Heisler et al. 2008); thus, there may not be an immediate
correlation of phytoplankton biomass with an
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environmental variable (Anderson et al. 2002).
Therefore, we also imposed time-lags from 1 to 5 weeks
on the environmental variables and included these in the
ordinations. If an environmental variable was associated
with a specific group at time (lag) zero and either
remained or was no longer associated with the same
group after lagging from 1 to 5 weeks, no additional
interpretation was undertaken, as it implied a response
to environmental conditions existing at that time.
However, if a significant relationship between phyto-
plankton composition and an environmental variable
was detected only after imposing a lag, then we
interpreted this to mean that the phytoplankton commu-
nity was responding to prior environmental conditions.

Results

Phytoplankton community composition

A total of 90 distinct phytoplankton taxa were identified
from acid Lugol’s preserved samples (Table 1).
Absolute and relative phytoplankton abundance and
biomass from 2007 through 2010 are illustrated in
Figs. 2 and 3, respectively. Total phytoplankton abun-
dance increased during the summer months and de-
creased during the winter months. From 2007 through
2009, summer abundances increased but then exhibited
a sharp decrease in 2010. Similarly, phytoplankton bio-
mass was lowest during winter months (November
through February) and highest during the summer
months (August through October) (Fig. 2a). The general
seasonal pattern in phytoplankton community composi-
tion changed from a diatom-dominated spring commu-
nity (March through June) to a cyanobacteria-dominated
summer commun i ty o f Anabaena sp . and
Aphanizomenon sp. (which contributed to annual phy-
toplankton peak biomass [Fig. 2b]). An exception to this
occurred in 2010, when the summer phytoplankton
community was dominated by diatoms. Total phyto-
plankton abundance was higher in 2007 than in 2010
and total phytoplankton biomass was higher in 2010
than in 2007. The discrepancy between these two met-
rics is due to differences in size and abundance of
different phytoplankton taxa; for example, in 2007 the
summer community was dominated by cyanobacteria of
higher abundance and smaller biomass, compared to the
summer diatom community of 2010 which was domi-
nated by higher biomass and lower abundance.

Table 1 Vancouver Lake phytoplankton taxa present in >5 % of
samples from 2007 through 2010

Bacillariophyceae

Achnanthes spp.

Asterionella spp.

Aulacoseira spp.

Aulacoseira spp. (spiral morphology)

Cocconeis spp.

Cyclotella spp.

Cymbella spp.

Epithemia spp.

Fragilaria spp.

Gyrosigma spp.

Melosira spp.

Navicula spp.

Nitzschia spp.

Nitzschia fruticosa

Stephanodiscus spp.

Surirella spp.

Synedra spp.

Unidentified Pennate spp.

Dinophyta

Ceratium hirundinella

Unknown prolate thecate dinoflagellate

Unknown round athecate dinoflagellate

Unknown prolate thecate dinoflagellate

Unknown round thecate dinoflagellate

Chrysophyta

Dinobryon spp.

Cryptophyte

Cryptomonad spp.

Euglenozoa

Euglenoid

Synuraphyceae

Mallomonas spp.

Chlorophyta

Actinastrum spp.

Ankistrodesmus spp.

Asterococcus spp.

Characium spp.

Coelastrum spp.

Cosmarium spp.

Crucigenia spp.

Dictyosphaerium spp.

Eudorina spp.

Golenkinia spp.

Gonium spp.
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Cluster and indicator species analyses

Six significantly different clusters were identified based
on phytoplankton biomass (A=0.144, p<10−8), num-
bered 1 through 6, with a set of indicator species iden-
tified for each cluster (Table 2). Interannual differences
in community succession were observed throughout the
study (Fig. 4). First, the duration and magnitude of
cyanobacteria-dominated blooms increased each year
from 2007 to 2009. In 2007, the spring was dominated
by a mixture of diatom and euglenoid biomass (cluster
1), followed by a bloom of cyanobacteria (cluster 2) in
late summer and early autumn. The phytoplankton
community biomass during the winter of 2008 was
again dominated by a diatom-euglenoid community
(cluster 1).

In 2008 and 2009, there were similar community pat-
terns: spring of both years was dominated by a
chlorophyte-diatom community (cluster 3) which then
transitioned to a diatom-dominated community (cluster 4)
in the early summer prior to the late summer cyanobacterial
blooms (cluster 2). The only differences observed between
2008 and 2009 were the winter communities: in 2008, the

winter community consisted ofmixed-algal groups (cluster
1) while in 2009 the winter community was a
chryptophyte-dinoflagellate mix (cluster 5).

The community in 2010 was distinctly different from
2007 through 2009, with a shift in species dominance
occurring every 2 months from a mixed assemblage (clus-
ter 3) in spring, to diatoms (cluster 6) in early summer,
back to amixed assemblage (cluster 3) in late summer, and
again to diatoms (cluster 6) in autumn (Fig. 4). Although
there was an increase in both cyanobacterial biomass and
abundance in 2010 (Figs. 2 and 3), the 2010 summer
community was significantly different than the
cyanobacterial community observed in previous years.
Thus, there was no statistically detectable cyanobacteria
community in 2010. MRPP analysis of the biomass clus-
ters indicated the communities in 2008 and 2009 were
similar and significantly different from those of 2007 and
2010.

Environmental variables

Total water depth ranged from 0.8 m during the summer
to 4.5 m during the spring freshet (Fig. 5a). Secchi depth
ranged from 0.1 m during the summer to 1.6 m during
the spring, with increased water clarity during seasonal
winter rains and spring freshets (Fig. 5a). Temperature
varied from as low as 0 °C during the winter (December
2009) to as warm as 28 °C during the summer (Fig. 5b).
DO ranged from 0.69 to 24 mg/L at the lake surface
(Fig. 5b).

SiO4–Si concentrations throughout the sampling pe-
riod ranged from 150 to 11,000 μg/L, and were lowest
during late spring and early summer months. A slight
decrease in SiO4–Si concentration was observed during
the winter months, followed by an increase in SiO4–Si
during the early spring and late summer months of each
year (Fig. 5c). NO2–N concentrations were variable
(<0.06 to 20 μg/L) and did not show any consistent
seasonal or interannual variation (Fig. 5c). However,
NO3–N showed increased concentrations during the
winter and early springmonths of each year (mean highs
ranged from 220 to 370 μg/L). NO3–N did not show
annual variation; however, the timing of peak NO3–N
levels became progressively later by one month each
year (Fig. 5d). Although NH4–N did not show any
significant seasonal or annual patterns, peak concentra-
tions were observed during the summer months of 2007,
2008, and 2009. In 2010, NH4–N concentrations were
variable throughout the year (Fig. 5d).

Table 1 (continued)

Kirchneriella spp.
Monoraphidium spp.
Oocystis spp.
Pediastrum spp.
Scenedesmus acuminatus
Scenedesmus dimorphus
Scenedesmus linearis
Scenedesmus quadricauda
Scenedesmus spp.
Schroederia spp.
Sphaerocystis spp.
Staurastrum spp.
Tetrabaena spp.
Tetraedron spp.
Tetrastrum spp.
Treubaria spp.
Unknown Chlorophyte

Cyanobacteria
Anabaena spp.
Aphanizomenon spp.
Aphanocapsa spp.
Aphanothece spp.
Chroococcus spp.
Coelosphaerium spp.
Merismopedia spp.
Microcystis spp.
Synechococcus spp.
Synura spp.
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Similar to trends observed with NH4–N, PO4–P con-
centrations increased during the summer months of each
year (49 to 230 μg/L), with an additional small increase
in PO4–P observed during each winter (19 to 22 μg/L).

Finally, DIN:DIP did not show consistent patterns of
significant seasonal or annual variability; however, there
were sustained periods of DIN:DIP less than 16:1 ob-
served during summer months (Fig. 5e).

Fig. 3 aAbsolute and b relative phytoplankton biomass fromMarch 2007 through September 2010. Each individual species was classified
into one of five different groups (as described in Fig. 2)
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Fig. 2 a Absolute and b relative phytoplankton abundance from
March 2007 through September 2010. Each species was classified
into one of five different groups: diatoms (Bacilliriophyceae),

dinoflagellates (Dinophyta), flagellates (Chrysophyta,
Cryptophyta, Euglenozoa, and Synuraphyceae), chlorophytes
(Chlorophyta), or cyanobacteria



Association of phytoplankton groupings
with environmental conditions

We examined the full 4-year phytoplankton data set to
elucidate how different phytoplankton community groups
were associated with corresponding environmental vari-
ables. The full data set was then parsed into three subsets of
data based on the MRPP results described above (2007,
2008–2009, and 2010) to examine which environmental
variables were most strongly associated with each annual
phytoplankton community, and to identify relationships
that might explain the MRPP-defined temporal groupings.
The four sets of the phytoplankton composition and envi-
ronmental data used in the ordinations were: (1)
May 2007—September 2010 (the full dataset); (2)
May 2007—December 2007; (3) January 2008—
December 2009; and (4) January 2010—September
2010. Species data from February to April 2007 were not
included in any of the NMDS analyses due to a lack of
corresponding environmental data. Environmental vector

cutoff values (r2), observed variance of each axis, stress,
and instability for each NMDS analysis are reported in
Table 3. The direction of environmental vectors indicates
its associationwith a particular community. The correlation
of each environmental vector with a particular axis or axes
indicates the strength of its association with a particular
community. Separate, additional ordinations that included
subsets of data on light availability and light attenuation at
the water surface were not associated with any axes or
phytoplankton groups (data not shown).

Results from NMDS analyses of phytoplankton bio-
mass from 2007 to 2010 (Fig. 6a) showed diatom bio-
mass (clusters 4 and 6) were associated with high lake
water levels and water clarity, and high DIN:DIP ratios
(>16:1). Total lake depth, Secchi depth, and DIN/DIP
were inversely related to cyanobacteria biomass (cluster
2) during the blooms in 2007–2009. Cyanobacterial
blooms (cluster 2) were positively associated with an
increase in SiO4–Si, PO4–P, and, NH4–N. In 2008 and
2009, SiO4–Si, PO4–P, and NH4–N were lowest during

Table 2 Groups delineated from cluster analysis of phytoplankton biomass

Cluster Taxa Month/Year

1 Achnanthes, Cyclotella, Euglenoid, Gonium March—June 2007, December 2007—March 2008

2 Actinastrum, Anabaena, Ankistrodesmus,
Aphanizomenon, Aphanocapsa, Aphanothece,
Coelospherium, Cosmarium, Golenkinia, Microcystis,
Nitschia, Nitschia fruticosa, Scenedesmus dimorphus,
Scenedesmus sp., Synechococcus, Tetraedon

July—October 2007, June—November 2008,
July—November 2009

3 Athecate dinoflagellate, Characium, Dictyospherium,
Fragellaria, Kirchnerella, Melosira, Monophoridum,
Scenedesmus quadrauca, Schroederia, Tetrastrum

March—April 2008, April—May 2009,
March—April 2010, mid June—mid
August 2010

4 Aulacosira May 2008, June 2009

5 Cryptomonad, Thecate dinoflagellate December 2008—March 2009,
December 2009—February 2010

6 Aulacosira (spiral), Crucigenia,
Oocystis, Stephanodiscus

May—mid July 2010, mid August—September 2010

Species associated with each cluster were determined from indicator species analysis (p<0.05). Cyanobacteria species are in bold.
Underlined taxa are considered faithful and strongly associated with the cluster

Biomass
2007 2008 2009 2010

J F M A M J J A S O N D J F M A M J J A S O N D J F M A M J J A S O N D J F M A M J J A S O N D

Mixed algae (1)

Cyanobacteria (2)

Mixed algae (3)

Diatom (4)

Cryptophyte-dinoflagellate (5)

Chlorophyte-Diatom (6)

Fig. 4 Seasonal succession of each phytoplankton cluster determined from cluster analysis. Each blocked area represents the time period
over which a specific cluster was identified
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the late spring months, as well as during late spring and
summer 2010, when diatoms (clusters 4 and 6) were
dominant.

In 2007, there were only two phytoplankton commu-
nities, clusters 1 and 2. The ordination from this specific
subset of data showed that the diatom-euglenoid com-
munity (cluster 1) was associated with high DIN:DIP,
increased NO3–N, total lake depth, and Secchi depth
during late spring and early summer, and with NO3–N
during winter (Fig. 6b). DO and temperature increased

and peaked in early stages of the summer cyanobacterial
bloom (cluster 2) just before a rapid increase in NH4–N.
Increased phytoplankton biomass and diversity during
late summer months were associated with increased
availability of PO4–P and SiO4–Si. Increased
cyanobacteria biomass during late summer was associ-
ated with increased PO4–P availability. In particular, the
high biomass of cyanobacteria (cluster 2) was largely
due to the taxa Aphanizomenon sp. and Anabaena sp.
(Online Resource 1).
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Fig. 5 Environmental data from May 2007 through September
2010: a total water depth and Secchi depth; b temperature and DO;
c SiO4–Si and NO2–N; dNO3–N and NH4–N; e PO4–P and molar

DIN:DIP; Boxed areas represent cyanobacteria bloom events de-
lineated from cluster analysis of phytoplankton abundances



The ordination of the combined years of 2008 and 2009
indicated that the euglenoid-diatom and mixed phyto-
plankton communities (clusters 1 and 3, respectively) were
associated with DO and the annual increase of NO3–N
(Fig. 6c). Increased temperature, PO4–P, and SiO4–Si were
associated with the annual summer cyanobacterial blooms
(cluster 2). High DIN:DIP, deeper lake depth, and deeper
Secchi depth were associated with the late spring diatom
community (cluster 4).

In 2010, DIN:DIP, NO3–N, and SiO4–Si were asso-
ciated with the mixed phytoplankton community (clus-
ter 3) during early spring and late summer months.
DO, NH4–N, temperature, and total lake depth
were associated with the chlorophyte-diatom communi-
ty (cluster 6) during late spring and early summer
months (Fig. 6d).

Time-lag analysis was applied to the full dataset
(2007–2010) to assess if there were any delayed re-
sponses within the phytoplankton community to envi-
ronmental variables that would otherwise not have been
apparent. Only a 3-week time lag analysis between
environmental conditions and phytoplankton species
biomass resulted in significant relationships, and
showed that NO3–N was associated with the mixed
phytoplankton community and diatom–chlorophyte

community (clusters 6 and 3, respectively) (data not
shown). NO3–N was highest during winter and early
spring months in 2008, 2009, and 2010, when
phytoplankton biomass was lowest. As NO3–N
levels decreased, phytoplankton biomass began to
increase, particularly the diatoms and flagellates,
suggesting the spring communities relied on the
increased winter storage of NO3–N conditions. In
2010, NO3–N persisted at higher levels during
summer months compared to previous years, which
may have contributed to the significant difference in
summer phytoplankton community observed between
the diatom–chlorophyte group (cluster 6) and
cyanobacteria (cluster 2).

Discussion

Our statistical analyses relating water quality variables
to the phytoplankton community composition in
Vancouver Lake from 2007 through 2010 demonstrated
that the timing and magnitude of several key environ-
mental variables were significantly associated with
changes within the phytoplankton community, most
notably with summer blooms of cyanobacteria.

Table 3 Sample size (n), vector cutoff for environmental variables (r2), and stress values for each of five NMDS analyses performed

Environmental
variable

2007–2010 2007 2008–2009 2010 2007–2010 3-week lag

n=118, r2>0.1,
stress=17

n=25, r2>0.2,
stress=16

n=65, r2>0.2,
stress=18

n=29, r2>0.2,
stress=12

n=87, r2>0.1,
stress=14

Axis Axis Axis Axis Axis

1 2 3 1 2 1 2 1 2 3 1 2 3
(14 %) (39 %) (27 %) (61 %) (21 %) (34 %) (50 %) (34 %) (28 %) (21 %) (28 %) (16 %) (42 %)

Total lake depth – 0.36 0.39 0.40 0.32 – 0.56 – 0.37 – 0.18 – 0.22

Secchi depth – 0.40 0.39 0.56 – – 0.72 – – – 0.17 – 0.36

Temperature – – 0.14 – 0.29 0.25 0.26 0.36 – 0.37 – – 0.40

DO – – – – 0.38 – – – 0.29 – – – –

PO4–P – 0.26 – 0.36 – – 0.32 – – – 0.13 – 0.16

SiO4–Si – 0.40 – 0.51 – – 0.29 0.29 – 0.39 0.13 – –

NO3–N – – – 0.27 – 0.20 – – – 0.30 0.10 – –

NH4–N – 0.12 – 0.49 – – 0.20 – – 0.24 – – 0.20

DIN:DIP – 0.17 0.21 0.33 – – 0.37 – – 0.36 – – 0.11

The % of total variance that is explained is provided parenthetically below each axis. A three dimensional solution was reached for each
NMDS, except for 2007 and 2008–2009 biomass analyses. The instability value for each analysis was 10−5 . The r2 value for each
environmental variable associated with each axis, and which met the cutoff criteria, are provided. Although NO2–N was included as an
environmental variable, it never met the cutoff criteria for any of the analyses
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Environmental variables associated with summer
cyanobacterial blooms

With the exception of 2010, summer cyanobacterial
blooms were associated with increased concentrations of
SiO4–Si, PO4–P, andNH4–N, and the depletion ofNO3–N.

Silicate SiO4–Si decreased during the spring as diatom
biomass increased and SiO4–Si was taken up. As the

diatom populations crashed, an increase in SiO4–Si was
observed. While SiO4–Si did not appear to influence the
summer cyanobacterial blooms directly, it did signify a
shift in community composition. Other studies have also
observed an association between SiO4–Si and shifts
from a spring community to a summer community. In
a study consisting of 31 shallow and artificial lakes in
southeast England, Bennion and Smith (2000) showed
that silicate decreased when chl-a increased during the

Fig. 6 Results of each ordination examining relationships be-
tween phytoplankton groups and environmental variables. Each
point represents a specific sampling date and is demarcated by
cluster group. The distance between points represents the amount
of similarity or dissimilarity in phytoplankton community

composition. Vectors are environmental variables associated with
each cluster. a Ordination of the entire dataset (2007—2010). b
Ordination of 2007 representing clusters 1, 2, and 6. c Ordination
representing 2008—2009. d 2010 ordination results
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spring, but then silicate increased during a shift in the
phytoplankton community from a diatom-dominated
assemblage to a mixed phytoplankton community. In
Lake Washington, Arhonditsis et al. (2003) observed a
shift from a diatom-dominated community to a
chlorophyte–cyanobacteria community when silicate
and PO4–P availability increased. In a set of laboratory
incubation experiments, Spears et al. (2008) found that
increased SiO4–Si coincided with increased PO4–P,
mainly due to the dissolution of diatoms. In none of
these systems did increased SiO4–Si contribute to a
cyanobacterial bloom. Instead, increased silicate con-
centration was associated with a shift in phytoplankton
community composition from a diatom-dominated com-
munity to a mixed-phytoplankton community. In
Vancouver Lake, however, summertime increases in
SiO4–Si were associated with a shift towards a
cyanobacteria-dominated community.

Phosphate PO4–P was also strongly associated with the
summer cyanobacterial blooms in Vancouver Lake, ex-
cept in 2010. From 2007 to 2009, PO4–P availability
during the summer increased each year, and the timing
of peak PO4–P availability corresponded to peak
cyanobacteria biomass. This suggests that PO4–P was
associated with the magnitude and duration of the
blooms, but not associated with their initiation.
Previous studies have indicated that Anabaena,
Aphanizomenon, and Microcystis are poor PO4–P com-
petitors; however, with ample PO4–P availability, these
species are able to dominate the cyanobacteria commu-
nity (Riddolls 1985; Davis et al. 2010;).

The differences between an Anabaena-dominated
and Aphanizomenon-dominated community could be
attributed to Aphanizomenon being a poor P competitor
compared to Anabaena (De Nobel et al. 1995). De
Nobel et al. (1997) showed that Anabaena growth rates
and biomass product ion were grea ter than
Aphanizomenon when an inorganic N source was un-
available and P was limited. However, in the presence of
ample PO4–P and NH4–N, Anabaena still had a com-
petitive advantage, although at a lower rate. The domi-
nance of Anabaena in Vancouver Lake may be ex-
plained by increased PO4–P and NH4–N availability,
but the co-occurrence and eventual dominance of
Aphanizomenon could be due to light-limiting condi-
tions (De Nobel et al. 1998), or other environmental
factors (i.e. micronutrients and/or selective grazing) that
have not yet been investigated.

Ammonium NH4–N availability influenced phytoplank-
ton biomass across all groups, but it may have contrib-
uted to the dominance of cyanobacteria in particular.
Several lab and field studies have demonstrated
cyanobacteria preference for NH4–N over other inor-
ganic forms of N because the former is more energeti-
cally favorable. For instance, NH4–N availability can
promote twice as much carbon production in
cyanobacteria when compared to other oxidized forms
of N (Blomqvist et al. 1994; Turpin et al. 1985), and
Ferber et al. (2004) showed that diazotrophic species,
including Anabaena and Aphanizomenon, preferred and
utilized NH4–N when the community shifted from non-
diazotrophic cyanobacteria in the early part of the bloom
to diazotrophic cyanobacteria in the latter half of the
bloom in Shelburne Pond, Vermont, U.S.A.

Sharp increases in both PO4–P and NH4–N occurred
around the same time in Vancouver Lake: in 2007
maximum NH4–N levels occurred in July and PO4–P
levels peaked in August. In 2008 and 2009, both nutri-
ents peaked in August, and to a lesser extent they also
peaked together in August 2010. This might be ex-
plained by a combination of several chemical and bio-
logical factors. During the same period when PO4–P and
NH4–N increased, DO levels near the sediment water
interface were as low as 3.0 mg/L, and on some dates
<2.0 mg/L (data not shown). As sinking and decompo-
sition of the spring phytoplankton community occurs,
oxygen can become depleted, creating anoxic condi-
tions at the sediment-water interface. PO4–P is released
from iron-bound particles due to redox-mediated pro-
cesses: as conditions at the sediment-water interface
become anoxic, Fe (III) reduces to Fe (II), releasing
PO4–P into the water column (Mortimer 1942; Caraco
et al. 1993; Søndergaard et al. 2003). NH4–N accumu-
lates and is released into the water column due to the
lack of oxygen inhibiting the nitrification process
(Lehman 2011). This suggests that anoxic conditions
may have contributed to PO4–P and NH4–N release into
the water column in Vancouver Lake.

In most lake systems where this pattern is observed,
the release of PO4–P and NH4–N usually occurs in the
hypolimnion (Krivtsov and Sigee 2005; Lehman 2011).
However, Vancouver Lake does not have a hypolimnion
due to its extremely shallow depths and strong mixing,
and may therefore be more comparable to a large sedi-
mentation pond. Sedimentation ponds are components
of water treatment complexes that serve a similar func-
tion as wetlands in P removal, and act as small shallow
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lakes that can be mediated by similar physical and
biological processes (Palmer-Felgate et al. 2011).
Palmer-Felgate et al. (2011) showed in sedimentation
ponds that under certain conditions, NH4–N and total
reactive phosphate concurrently increased and peaked,
as did NH4–N and soluble reactive phosphate just below
the sediment water interface. Their study, along with
Cook et al. (2010), conducted in the Grippsland Lakes in
southeast Australia, suggested that the observed in-
crease in inorganic phosphate was due to decomposition
of the spring phytoplankton community, causing de-
creased concentrations of DO and release of inorganic
phosphate. Similarly, in both field and modeling studies,
increased NH4–N levels have been attributed to macro-
phyte die-off, which then contributed to increased phy-
toplankton biomass (Landers 1982; Farnsworth-Lee and
Baker 2000).

Nitrate Finally, although NO3–N was not significantly
associated with the summer cyanobacterial blooms in
Vancouver Lake, it may have contributed to the initia-
tion of each bloom. NO3–N was reduced during the
spring, when there was an increase in both diatoms
and chlorophytes. Several studies have indicated that
N depletion is necessary for cyanobacterial bloom for-
mation since cyanobacteria, especially diazotrophic spe-
cies, have a physiological advantage for N-storage and
N-fixation, thereby making them better N competitors
(Dodds and Priscu 1990; Blomqvist et al. 1994; Cook
et al. 2010). In Vancouver Lake, NO3–N levels, in
addition to NO2–N and NH4–N, were depleted to trace
amounts for several weeks during the transition between
the late spring/early summer phytoplankton community
and late summer cyanobacterial bloom (Figs. 2a and 3a).
Notably, in a separate study of zooplankton grazing in
Vancouver Lake conducted during 2008 and 2009,
Rollwagen-Bollens et al. (2013) showed that during this
3- to 4-week period prior to the cyanobacterial bloom
when dissolved inorganic nitrogen was low, a cascading
effect among planktonic grazers likely resulted in the
selective removal of diatoms and thus reduced the com-
petition with cyanobacteria for scarce nutrients, which
may have allowed the cyanobacterial bloom to begin.

Environmental variables associated with winter/spring
phytoplankton communities

In general, our results indicated that winter and early
spring phytoplankton communities were associatedwith

increased total lake depth, increased water clarity
(Secchi depth), high DIN:DIP, and high NO3–N. Total
lake depth and Secchi depth were important environ-
mental variables associated with periods when biomass
was at an annual low and DIN:DIP levels were >16:1.
Although NO3–N was not an important variable
influencing species biomass across our full data set,
results from subsequent ordinations of Bannual^ subsets
of data and time-lag analysis indicated otherwise.

Ordination results from yearly subsets of biomass
data showed NO3–N was associated with winter com-
munities of diatoms and chlorophytes (cluster 1) and
flagellates (cluster 5), when NO3–N levels were highest
and overall biomass was lowest. The effects of peak
NO3–N levels were delayed by 1 month each year from
2008 through 2010; this may have contributed to the
absence of NO3–N as an important environmental var-
iable in the overall NMDS analysis. Yet, time-lag anal-
ysis suggested that initial establishment of mixed algae
(cluster 3) and chlorophytes-diatoms (cluster 6) were
associated with increased NO3–N availability during
the winter.

High levels of NO3–N during winter months may
indicate that other conditions, such as low temperature
and low light availability, limited phytoplankton growth
and nutrient uptake during this time, which may also
explain the time-lag response to NO3–N in species
biomass. Bennion and Smith (2000) found that 29 out
of 31 shallow ponds investigated in England exhibited
increased NO3–N levels during the winter, concurrent
with reduced primary productivity. In LakeWashington,
in Washington state, U.S.A., Arhonditisis et al.
(2003) observed a similar pattern of high NO3–N
availability during the winter and low diatom
abundance and phytoplankton biomass (chl a), un-
til increasing temperatures and day length facilitat-
ed increased diatom abundance and biomass and
depletion of NO3–N.

Our results suggest that in Vancouver Lake, the dia-
tom–chlorophyte bloom in spring may be a significant
cause of NO3–N depletion, as indicated by an increase
in absolute abundance and biomass of phytoplankton,
and depletion of SiO4–Si. Phytoplankton biomass de-
creased again shortly after the depletion of NO3–N.
However, the collapse of the spring diatom–chlorophyte
bloom may not be explained solely by nutrient limita-
tion, as zooplankton grazing (Arhonditsis et al. 2003;
Boyer et al. 2011; Rollwagen-Bollens et al. 2013), sed-
imentation, and flushing may also significantly affect
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spring phytoplankton communities in lakes (Reynolds
2006). Indeed, Boyer et al.(2011) and Rollwagen-
Bollens et al. (2013) both found that the grazing effect
of zooplankton on phytoplankton (including
cyanobacteria) was as high as 70 % of total biomass
on a daily basis in the weeks immediately following the
bloom peaks in Vancouver Lake during 2008 and 2009.

Interannual variability in cyanobacterial blooms

The 2010 phytoplankton community provided a con-
trast to the three other years of our study. Specifically, a
cyanobacterial bloom community was not detected dur-
ing the summer, even though a small and brief increase
in cyanobacterial biomass was observed. Instead, the
summer 2010 phytoplankton community was largely
dominated by two different diatom communities.
During 2007–2009, NO3–N availability was consistent-
ly near zero in the summer months. However, in 2010,
NO3–N availability during the summer was much more
variable. Blomqvist et al. (1994) suggested that NO3–N
availability may decrease the competitive ability of
cyanobacteria in the presence of other phytoplankton.
Diatoms, and eukaryotes more generally, prefer NO3–N
over other forms of N (Blomqvist et al. 1994; McCarthy
et al. 2009). This may have allowed eukaryotes to
continue thriving under these conditions, thereby mut-
ing the cyanobacteria response to PO4–P availability.

The phytoplankton community in 2010 was domi-
nated by diatoms. In 2007–2009, SiO4–Si levels
rebounded after each spring diatom bloom, during
which diatom biomass decreased. In 2010, SiO4–Si
availability remained low throughout the summer, sug-
gesting continual recycling of SiO4–Si as diatom bio-
mass and dominance increased. Cluster analysis indicat-
ed a shift between two different diatom communities—
from a community of Fragilaria and Melosira during
the spring, to a second diatom community consisting of
Aulacosira and Stephanodiscus during the summer.
Changes in N availability (from NO3–N to NH4–N)
and increased temperature may have caused a shift
within the diatom community due to differences in
resource uptake.

Decreased PO4–P and NH4–N availability may also
have contributed to the observed decrease in biomass of
cyanobacteria in summer 2010. Dissolved O2 levels
near the sediment water interface remained >5.0 mg/L
in 2010, whereas during 2007–2009 summertime
DO levels were usually much lower (<3.0 mg/L).

Similarly, in 2010 PO4–P and NH4–N levels were lower
than in previous years, which suggest that low oxygen
conditions observed in 2008 and 2009, and to a lesser
extent in 2007, may have strongly influenced PO4–P
and NH4–N release into the water column. Hupfer and
Lewandowski (2008) suggested that microbial recycling
of organic matter can also contribute to observed inor-
ganic phosphate release. Other studies suggest that mi-
crobial cycling of nutrients (Gachter et al. 1988;
Davelaar 1993), along with other mechanisms such as
bioturbation by zooplankton and fish (Fukuhara and
Sakamoto 1987; Adámek and Maršálek 2013), excre-
tion by zooplankton and then remineralization by bac-
teria (Axler et al. 1981; Hambright et al. 2007), may also
contribute to N and P availability.

Summary and management implications

Overall, phytoplankton community dynamics were
strongly influenced by nutrient availability and the phy-
toplankton community succession patterns observed in
Vancouver Lake—a spring diatom bloom followed by a
summer cyanobacterial bloom—were similar to patterns
observed in deep, stratifying, eutrophic systems.
However, the mechanisms underlying these patterns
were likely different in this shallow, non-stratifying
system (e.g., internal nutrient loading due to sediment
resuspension), and might have been overlooked if sam-
pling had occurred less frequently.

The environmental variables most closely associated
with changes in the phytoplankton community from
2007 through 2009 were SiO4–Si concentrations, which
were associated with the shift from a spring diatom com-
munity to a summer cyanobacteria community; highNO3–
N concentrations, which were associated with the spring
phytoplankton communities; low NO3–N, NO2–N, and
NH4–N availability in early summer that influenced the
initiation of the summer cyanobacterial blooms; and final-
ly, high NH4–N and PO4–P concentrations, which were
associated with summer cyanobacterial blooms. The ef-
fects ofNO3–Ndepletion and increased PO4–P availability
on the growth, magnitude, and duration of cyanobacterial
blooms suggests that management tactics that control for
these two nutrients might help mitigate the severity of
seasonal cyanobacterial blooms.

The same environmental variables that were important
in 2007–2009 were also important in 2010, with one
important exception: PO4–P and NH4–N levels were
drastically reduced in 2010, which may have influenced
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the observed change in phytoplankton community com-
position that year. In a typical stratifying lake, the avail-
ability of PO4–P and NH4–N from the hypolimnion can
be attributed to a mixing event that breaks down the
thermocline; however, the timing and pattern of the ob-
served increase in PO4–P and NH4–N in Vancouver Lake
suggests that theremay be physical–chemical interactions
at the sediment–water interface that provide for the avail-
ability of these two nutrients during the summer, but not
at other times of the year. Thus, further studies investi-
gating internal nutrient loading in shallow non-stratifying
lakes are warranted as it may influence management
decisions aimed at controlling nutrient inputs.

Few previous studies have intensively monitored and
characterized phytoplankton community dynamics and
associated environmental conditions over four continu-
ous years in a shallow temperate lake. Our study demon-
strates the importance of consistent monitoring to capture
interannual variation of both the phytoplankton commu-
nity and corresponding environmental variables, but also
the benefit of high frequency (weekly) sampling during
spring and summer, which allowed us to identify the
dynamic relationships between environmental variables
and cyanobacterial blooms that vary on short time scales.
This approach may allow better prediction and manage-
ment of cyanobacterial blooms, and should be considered
when planning future monitoring and mitigation pro-
grams. For example, in Vancouver Lake monthly moni-
toring of nutrients might have missed the dramatic pulse
in PO4–P availability observed during our weekly sam-
pling. Thus, the effects of nutrients on the persistence and
growth of cyanobacterial blooms during the summer
might have been overlooked and might have led to po-
tentially less effective management strategies.

Finally, future studies of cyanobacterial bloom dynam-
ics should include examination of rate processes such as
growth, grazing, flushing, sinking and resuspension,
which will be necessary to achieve a full understanding
of the causal mechanisms underlying cyanobacterial
blooms in shallow temperate lakes. Such a causal under-
standing of bloom dynamics will become increasingly
important in the future, given recent studies that have
highlighted the relationship between climate change and
increased cyanobacterial blooms in shallow lakes
(Kosten et al. 2011; Taranu et al. 2012).
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